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a b s t r a c t

The aim of this paper is to develop a new methodology for assessing the quality of coastal waters along
the Atlantic Iberian coasts, based upon Basque coast rocky intertidal assemblages, compliant with the
European Water Framework Directive (WFD, 2000/60/EC). Biological data collected over a 20-year period,
during the gradual introduction of a sewerage plan, are compared to several reference stations in order to
differentiate various degrees of community alteration. A quality index (RICQI: Rocky Intertidal Commu-
nity Quality Index) is drawn up, on the basis of: indicator species abundance; morphologically complex
algae cover; species richness; and faunal cover (herbivore and suspensivore cover, proportion of fauna
with respect to the whole assemblage). An independent dataset collected in Plentzia Bay (Basque coast,
N. Spain), before and after the set-up of a wastewater treatment plant, is used in order to validate RICQI.
A conceptual model based on our results is proposed, which describes successional stages of assemblages

along a gradient of increasing environmental disturbance and associated values of the metrics included
in the index. The performance of this new approach is compared with that of the quality of rocky bottoms
index, used presently as the official method for assessing the ecological status of rocky assemblages in
the Atlantic coastal waters of Spain. Both indices respond to changes in community structure, associated
with pollution removal. However, the RICQI index shows a more accurate response, identifying different
degrees of disturbance.
. Introduction

The European Water Framework Directive (WFD, 2000/60/EC)
stablishes a framework to prevent deterioration and protect
quatic ecosystems. The main objective of this Directive is to
chieve a ‘good ecological status’, for all waters, by 2015. The
iological Quality Elements (BQEs) determined by the WFD, for
ssessing the ecological status in coastal waters, include phyto-
lankton, macroalgae, angiosperms and macroinvertebrates. The
pplication of the WFD has encouraged scientists to work on the
esign of different methodologies, for assessing ecological status.
egarding coastal waters, applied ecologists have invested consid-
rable amount of effort and, now, there is an increasing number
f methods in use for assessing each BQE (European Commission,

008; Borja et al., 2009). Such methods must be based upon a
omparison between monitored data and reference conditions
unaffected by human pressures), calculating an Ecological Qual-
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ity Ratio (EQR), ranging from 0 (worst status) to 1 (best status),
capable of classifying the water bodies into one of the five status
classes: Bad, Poor, Moderate, Good and High (see Borja, 2005).

However, methods or indices for assessing macroalgae are not
as well developed as assessment methods for the other BQEs (Borja
et al., 2012). Most of the macroalgae assessment methods include
some measurement of richness (even in terms of presence/absence)
and abundance (generally, as the percentage of cover, but also
as biomass). Several methods utilise the ecological or functional
groups (Orfanidis et al., 2001), or the presence of indicator species
(opportunistic or sensitive) as a way of detecting disturbances. In
Europe, the methods used most widely include the Ecological Eval-
uation Index (EEI) (Orfanidis et al., 2001, 2003) and the CAR-LIT
(Ballesteros et al., 2007), in the Mediterranean, and the Reduced
Species List (RSL) (Wells et al., 2007) and the Quality of Rocky
Bottoms (CFR) (Juanes et al., 2008), in the Atlantic.

These methods utilise the algal component of the benthic com-

munity, which is considered to be an excellent indicator of stress
and pollution (Arévalo et al., 2007; Mangialajo et al., 2007; Pinedo
et al., 2007; Díez et al., 2010). However, few attempts have been
made to develop an index for assessing the quality of hard substra-
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um fauna (see Hiscock et al., 2005). Ecological knowledge of rocky
nvertebrate assemblages is capable of detecting environmental
ffects; its validity as a marine ecosystem indicator is extensively
cknowledged (Clarke and Warwick, 1994; Hiscock et al., 2005;
ogers and Greenaway, 2005; Hiscock and Tyler-Walters, 2006).

n spite of this observation, gathering the evidence necessary to
istinguish between various degrees of community alteration, to
stablish an ecological status classification compliant with the
FD, is a somewhat challenging task.
The simultaneous use of both flora and fauna may be more

ppropriate, in determining the ecological status of hard substrata;
his is due to the low number of invertebrate taxa, correlated with
disturbance gradient (Hiscock et al., 2005; Goodsell et al., 2009).
he disposal of high loads of domestic and industrial wastewaters
n the present study area has resulted in the partial replacement
f macroalgae, by invertebrates (Saiz-Salinas and Isasi Urdangarin,
994; Díez et al., 1999; Saiz-Salinas and Urkiaga-Alberdi, 1999;
agola-Carte and Saiz-Salinas, 2001; Gorostiaga et al., 2004). Such
change in the community structure forms the basis of the
ethod proposed for the assessment of the rocky intertidal habi-

at. Deviations from the natural system may be more evident, if the
ssociation between flora and fauna is studied at the same time
Underwood, 1996; Archambault et al., 2001; Bishop et al., 2002).
or the development of the assessment method, the steps described
y Borja and Dauer (2008) were followed, which included: (i) the
patio-temporal scale of the intended application; (ii) the selec-
ion of the candidate metrics; (iii) the metric combination; and (iv)
he index validation, by testing it using an independent data set,
ifferent than the index development data set (calibration data set).

The aim of this contribution is to classify the rocky intertidal
ssemblages into the five ecological status classes determined by
he WFD. To accomplish this objective, a new index is developed
n the basis of biological data collected at several degraded sites
uring the gradual application of a sewerage scheme, together with
everal undisturbed sites. Its performance is compared here with
he presently used method (the CFR), for the Atlantic coastal waters
f Spain (European Commission, 2008).

. Methodology

.1. Spatio-temporal scale of application: the sampling area

The study area is located along the open coast, adjacent to the
bra of Bilbao (Nervión estuary), in the Basque Country (northern
pain) (Fig. 1). This area has been affected historically by human
ressures; however, due to the gradual application of a sewerage
lan for the metropolitan area of Bilbao (1984–2008), it has expe-
ienced an important recovery in ecosystem components, such as
lankton, benthos, fishes and seabirds (Borja et al., 2010). The area
nder study has been monitored for coastal fauna and flora since
984; thus, it offers data collected over comprehensive spatial and
emporal scales (Pagola-Carte and Saiz-Salinas, 2001; Díez et al.,
009).

Intertidal fauna and flora were sampled bi-annually between
996 and 2008, at four sites located along a pollution gradient
Arrigunaga, Azkorri, Meñakoz and Matxilando) (Fig. 1), where
enthic communities have experienced changes in species compo-
ition and structure (Gorostiaga and Díez, 1996; Pagola-Carte and
aiz-Salinas, 2001; Díez et al., 2009). For some of the sites, biolog-
cal information was analysed from years 1984 and 1992. All the
urveys were undertaken in summer, to avoid seasonal variabil-

ty within the phytobenthic assemblages. On each sampling event,
0 quadrats were sampled, representing the lower intertidal zone
tidal range: 0.5–1.3 m) lying closest to the open shore, on a flat or
lightly sloped substratum. Pools, overhangs, unstable substrate,
ators 12 (2012) 58–71 59

crevices and other different habitats were not considered, in order
to reduce the natural variability associated with physical differ-
ences between the habitats. Sampling was undertaken through the
use of visual assessment, where estimates of algal and animal cover
were measured in 50 cm × 50 cm quadrats, following the scale pro-
posed by Braun-Blanquet (1951): + (<1%), 1 (1–5%), 2 (5–25%), 3
(25–50%), 4 (50–75%) and 5 (75–100%). The mean cover of species
among quadrats was calculated using the median of each range.

2.2. Reference conditions

As the WFD requires the determination of reference conditions
in the absence of (or minimal) human pressure, two approaches
were adopted: (i) a time-series dataset, collected from 1996 to
2009, at an undisturbed site (Kobaron, Fig. 1) which was taken as the
reference site for the sampling sites lying adjacent to Abra of Bilbao;
and (ii) additionally, four undisturbed sites (Borja et al., 2006) were
sampled in 2009 along the Basque coast: San Juan de Gaztelugatxe
(SJ), Berriatua (BE), Itziar (IT) and Jaizkibel (JA) (Fig. 1).

2.3. Candidate metrics

The WFD requires the use of composition and abundance (i.e.
cover) of macroalgae, together with the disturbance-sensitive taxa
presence associated with undisturbed conditions. Hence, the can-
didate metrics used to develop this index were: (i) cover of species
with different degrees of tolerance to anthropogenic stress (SpBio),
as a measure of the composition and abundance of disturbance-
tolerant taxa; (ii) morphologically complex algae cover (MCA), as
a proxy of the composition and abundance of the disturbance-
sensitive taxa; (iii) species richness (R), as a measure of the
composition; and (iv) community measures related to faunal cover
(FC). The simultaneous use of both fauna and flora, for the determi-
nation of the ecological status of hard substrata is not considered
by the WFD; but will be considered here, to understand further the
response of hard bottom communities to human pressures. As such,
it has been added in this index.

2.4. Environmental variables

In order to further explore the response of assemblages to pollu-
tion in the coastal area of the Abra of Bilbao, several environmental
variables related to water quality were investigated. Abiotic data
were available from 1996 to 2008 for one of the sites studied (Arri-
gunaga); for the remaining sites (Kobaron, Azkorri, Meñakoz and
Matxilando), data were available from 2000 to 2008. Sampling was
carried out four times each year, corresponding to spring, summer,
autumn and winter environmental conditions. The environmental
variables included turbidity in the bottom (TUb) and within the sur-
face (TUs) layers, total suspended solids in the bottom (TSSb) and
surface (TSSs) layers, organic matter in the bottom (OMb) and sur-
face (OMs) layers, inorganic matter in the bottom (IMb) and surface
(IMs) layers, as well as the light extinction coefficient (LEC). Water
samples were collected with an Alpha Vertical Bottle (Wildco, USA)
within 1 m from the bottom (to avoid bias from resuspended
sediments) and from the surface and transferred to precleaned
polypropylene containers, for transport to the laboratory. TSS, OM
and IM were determined following the procedure of Moore (1972).
Turbidity was measured directly by a turbidimeter (Hach 2100,
U.S.A.), as Nephelometric Turbidity Units (NTU). Underwater PAR

irradiance was measured (�E m−2 s−1) every 0.5 m, to a depth of
7 m, using a LI-COR LI-192SA planar quantum sensor and a LICOR
LI-1000 data logger. The visible light extinction coefficients were
calculated from linear regressions of irradiance vs. depth.
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ig. 1. Map of the sampling sites used to develop RICQI. White circles: reference con
lack circles: degraded conditions (AR: Arrigunaga; AZ: Azkorri; ME: Meñakoz; MA:
. Muriola; 2. Astondo; 3. Isla Pobre; and 4. Errotatxu) and the location of the study

.5. Data analysis

The spatial and temporal patterns of data were explored by mul-
ivariate techniques, using the PRIMER V. 6. PERMANOVA add on
oftware package (Clarke and Gorley, 2006, Anderson et al., 2008).
s there were too many observations to establish multivariate pat-

erns, centroids (Site × Time) were examined. Biological variables
ere fourth-root transformed. Non-parametric multidimensional

caling (MDS) ordinations, based upon Bray–Curtis similarity were
sed in order to explore patterns of assemblages. Prior to analyses a

og (x + 1) transformation was applied to TUb, TUs, TSSb, TSSs, OMb,
Ms, IMb and IMs, in order to eliminate the skewness detected by
eans of draftsman plots (Anderson et al., 2008). Permutational

nalyses of variance (PERMANOVA) were performed, to examine
ifferences in environmental variables. Principal Coordinates Anal-
sis (PCO) was carried out, to visualise patterns in assemblages and
he response of a whole set of environmental variables simultane-
usly. Only sites and years with available environmental data were

ncluded in the PCO analysis. Spearman rank correlation coefficient
as used to assess the strength and direction of relationships.

Similarly, data were plotted on the basis of straightforward uni-
ariate measures of biological and environmental variables. These
isual representations facilitated the interpretation of the informa-
ion, by highlighting possible patterns, gradients and trends.

.6. Metrics combination: index development

The RICQI (Rocky Intertidal Communities Quality Index) is a
uantitative multimetric method, for assessing the ecological sta-
us of rocky intertidal communities on open coastal stretches of
he Basque coast (probably applicable also to the Iberian Atlantic
oasts), excluding extremely exposed capes, where assemblages

how a different structure. Several metrics were combined in the
ICQI, following the expression below.

ICQI = SpBio (ESS + PC) + MCA + R (Ra + Rf) + FC (Pf + Ch + Cs)
s (KO: Kobaron; SJ: San Juan de Gaztelugatxe; BE: Berriatua; IT: Itziar; JA: Jaizkibel);
lando). The insets show the sampling sites used to validate the index (dotted circles:
n the north coast of Spain.

Each of the terms of the expression are described below:
SpBio: Indicator species. The term SpBio consists of two com-

ponents (ESS: ecological status similarity and PC: presence of
Cystoseira). The first component (ESS) is related to the similarity
between the average inventory, representing the benthic assem-
blages under quality evaluation (considering only the indicator
species) and the five reference inventories that represent commu-
nities from bad to high ecological status (see Section 3).

As commented upon above, the WFD states that ‘all sensitive
taxa should be present’ in the community, in order to attain a
High ecological status. Algae of the genus Cystoseira are highly
sensitive to anthropogenic disturbances (Benedetti-Cecchi et al.,
2001; Díez et al., 2003; Thibaut et al., 2005; Arévalo et al., 2007;
Pinedo et al., 2007). In the case of the Basque coast, Cystoseira
tamariscifolia is very common in low-shore habitats of undis-
turbed coastal stretches (excluding extremely exposed sites); its
absence could be considered as a first sign of degradation of nat-
ural communities. This indicator property is used in the RICQI,
to establish differences between pristine and degraded environ-
ments by means of the PC component (which acts as a correction
factor).

MCA: Morphologically complex algae. A decline in large peren-
nial macrophytes, in response to anthropogenic disturbances, has
been reported world-wide (Brown et al., 1990; Benedetti-Cecchi
et al., 2001; Eriksson et al., 2002; Thibaut et al., 2005; Pinedo et al.,
2007; Connell et al., 2008). By contrast, calcareous red algae are con-
sidered to be pollution-tolerant species (Bellan and Bellan-Santini,
1972; North et al., 1972; Kindig and Littler, 1980; Arévalo et al.,
2007; Mangialajo et al., 2008; Díez et al., 2009) and simple forms
such as filamentous and sheet-like algae proliferate in degraded
environments (Fairweather, 1990; Schramm and Nienhuis, 1996;
Bellgrove et al., 1997; Archambault et al., 2001; Eriksson et al., 2002;

Díez et al., 2009). Three functional groups were studied, whilst
developing the index: morphologically simple algae, calcareous
algae, and MCA. Of those, only MCA was selected as a component
of RICQI.
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Table 1
The metric scoring system of RICQI. Scores for bioindicator species SpBio (ESS: Eco-
logical Status Similarity; PC: presence/absence of Cystoseira genus), morphologically
complex algae MCA, species richness R (Ra: algal species; Rf: invertebrates species),
and parameters related to faunal cover FC (Pf: ratio faunal cover to whole assemblage
cover, Ch: herbivores cover; Cs: suspensivores cover).

RICQI index score system

ESS Score PC Score

SpBio (ESS + PC = max. 0.5) Bad 0.10 Present 0
Poor 0.20 Absent −0.05
Moderate 0.30
Good 0.40
High 0.50

RICQI index score system

MCA Score

MCA (max. 0.20) 0–15% 0.05
>15–30% 0.10
>30–45% 0.15
>45% 0.20

RICQI index score system

Ra Score Rf Score

R (Ra + Rf = max. 0.15) 0–10 0.02 0–5 0
>10–20 0.04 >5–10 0.01
>20–30 0.06 >10–15 0.02
>30–40 0.08 >15–20 0.03
>40 0.10 >20–25 0.04

>25 0.05

RICQI index score system

Pf Score Ch Score Cs Score

FC (Pf + Ch + Cs = max. 0.15) 0–5% 0.03 0–5% 0 0–10% 0.05
>5–10% 0.05 >5% 0.05 >10% 0
>10–15% 0.04
>15–20% 0.02
>20–25% 0.01
>25% 0

RICQI index score system

Bad Poor Moderate Good High

Ecological
quality

0–0.2 >0.2–0.4 >0.4–0.6 >0.6–0.8 >0.8–1.0
I. Díez et al. / Ecologica

R: Species richness. The term R consists of two components
Ra: algal species richness and Rf: faunal species richness). It is
cknowledged widely that species richness is a community mea-
ure that reflects environmental health (Bianchi and Morri, 2000;
rchambault et al., 2001; Soltan et al., 2001; Díez et al., 2009);
s such, it is an important component of any community quality
ssessment, under the WFD.

FC: Faunal cover. The term FC consists of three components
Pf, Ch and Cs). Pf is the percentage of faunal cover, with respect
o the whole benthic community cover (invertebrates plus algae).
n increase in invertebrate populations, related to algal stand
eclines, is a characteristic feature of benthic ecosystems as the
rganic enrichment derived from domestic sewage implies an addi-
ional source of food for fauna (Johnston, 1971; Wilkinson et al.,
987; Kautsky et al., 1992; Roberts et al., 1998; Pagola-Carte and
aiz-Salinas, 2001; Mangialajo et al., 2008). Moreover, the trophic
tructure of rocky invertebrate assemblages is altered typically in
esponse to changes in environmental conditions (Jones, 1973;
oth and Wilson, 1998; Boaventura et al., 1999; Bonsdorff and
earson, 1999). Thus, the herbivores cover (Ch) and the suspen-
ivores cover (Cs) were selected also in the development of the
etric.
The index ranges between 0 (the worst status) and 1 (the best

tatus). The delimiting boundaries between the five status classes
re (see Table 1): Bad: 0–0.2; Poor: >0.2–0.4; Moderate: >0.4–0.6;
ood: >0.6–0.8; and High: >0.8–1 (following the same boundaries
s in Wells et al. (2007)).

.7. Index validation using an independent dataset

In order to test the sensitivity of RICQI to detect differences
n water quality, we used an independent dataset (calibration
ataset, sensu Borja and Dauer (2008)) collected at four sites (Muri-
la, Astondo, Errotatxu and Isla Pobre), located in Plentzia Bay
Fig. 1). Sampling surveys were carried out under three different
egrees of anthropogenic pressures, during the gradual implemen-
ation of a sewerage scheme: (i) before the construction of the
astewater treatment plant (WWTP) (year 1997); (ii) after the set-
p of the primary treatment (2003 and 2005); and (iii) after the

mplementation of the biological treatment (2007 and 2009). Eigh-
een quadrats (40 cm × 40 cm) were sampled at the low intertidal
one (0.5–1.3 m), on flat or slightly sloped bedrock platforms. A
on-destructive sampling strategy was implemented, which con-
isted of visually assessed estimates of algal and animal cover (as
percentage) at specific levels, following the scale proposed by

raun-Blanquet (1951). For each site and year, an average inventory
as calculated. Similarities between the average inventory of the

ites under study and the five reference inventories (correspond-
ng to the five ecological status levels) were measured applying
he Bray–Curtis similarity index, to calculate the ESS component
f RICQI. The remaining components of RICQI were estimated also.
he intertidal assemblages were expected to undergo increases in
he abundance of sensitive species, MCA, R as well as decreases
n FC and changes in the proportions of different trophic groups,
ollowing the pollution removal associated with the sewage treat-

ent. These responses should be reflected by an improvement in
he ecological status.

.8. Comparison with other indices

As the CFR index is being used presently as the official method
or assessing the ecological status of macroalgae in the Atlantic

oastal waters of Spain (European Commission, 2008), a compari-
on between RICQI and CFR has been undertaken. The CRF is based
pon the assumption that the cover and the number of character-

stic algal species decline along a pollution gradient, whereas the
RICQI
(SpBio + MCA + R + FC)

fraction of the total algal community (made up by opportunistic
algae) increases under anthropogenic pressure. The data collected
in the Abra of Bilbao and Plentzia Bay were used to compare both
indices. The CFR index was calculated for each site and sampling
year, by considering the intertidal macroalgal list and the inter-
tidal scoring criteria (Table 2); there were established for each of
the three indicators that make up this index (coverage and rich-
ness of characteristic species and opportunist species abundance),
according to Juanes et al. (2008) and the European Commission
(2008).

3. Results

3.1. Reference conditions

The MDS diagram shows the spatial and temporal relationships
between all of the sites studied, between 1996 and 2009 (Fig. 2).

The period 1984–1996 was not included in the analysis, because of
the lack of quantitative data on invertebrates. The most degraded
site (Arrigunaga) lies to the right of the MDS diagram, whereas
Azkorri, Meñakoz and Matxilando are located between the most
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Table 2
CFR quality thresholds for richness (number) and cover of the characteristic macroalgae population and opportunistic species, in different intertidal types
(semiexposed/exposed).

CFR: Quality of rocky bottoms index

Covera Populations richnessb Opportunistic speciesc CFR Score EQR Status

Score Semiexp. Exp. Score Semiexp. Exp. Score Exp./Semiexp.
450 70–100% 50–100% 200 >5 >3 350 <10% 808–1000 0.808–1 High
350 40–69% 30–49% 150 4–5 3 250 10–19% 568–808 0.568–0.808 Good
200 20–39% 10–29% 100 2–3 2 150 20–29% 329–568 0.329–0.568 Moderate
100 10–19% 5–9% 50 1 1 50 30–69% 89–329 0.089–0.329 Poor
0 <10% <5% 0 0 0 0 70–100% 0–89 0–0.089 Bad

(adapted from Juanes et al. (2008))
a % Cover of characteristic macroalgae (CM).
b

l vege
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tal variables are correlated with PCO 1, whereas no relationships

F
r
T

Characteristic macroalgae populations richness.
c Relative cover of opportunistic or pollution indicator species respect to the tota

egraded site and the reference conditions (Fig. 2). The displace-
ent of each site, with respect to its initial position, reflects the

hanges in community composition, over time. A net movement of
ll of the disturbed sites, towards the reference conditions, can be
een clearly over the time period, reflecting the improvement in
ater quality. The pollution gradient was divided into four levels

f quality, under the WFD: High, Good, Moderate and Poor (Bad
s considered as extreme degradation, present over the area prior
o 1996). For each quality level the average inventory of flora and
auna, taking into account the samples within each range, was cal-
ulated. Among the 237 species recorded, those that exceeded 1%
over (40 taxa) in at least one of the five potential ecological status
ere selected (Table 3). These 40 taxa were considered to be the

ndicator species, from bad to high ecological conditions. The Spear-
an correlation, between the matrix derived from the full species

ataset and that obtained from the selected species, is r = 0.925,
ith a significance level of 0.1%, i.e. the spatial-temporal distri-

ution model of communities is very similar. In the case of Bad
cological status, corresponding to situations recorded in the Abra

f Bilbao bay before 1996, a theoretical inventory was defined, based
pon the biological information available prior to 1996.

Stress: 0.13
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ig. 2. Non-metric multidimensional scaling ordination plot, based upon species cover, sh
eflect the displacement of each site, with respect to its initial position (from 1996 to 2
emporal reference conditions (Kobaron). Spatial reference conditions (San Juan de Gazte
tated surface.

3.2. Biotic and abiotic relationships

The divisions of the four quality levels, along the pollution gra-
dient of Fig. 2, were based mainly upon expertise knowledge on
the ecology of the assemblages. In addition, environmental vari-
ables were explored, in order to examine if the suggested divisions
were related to the quality levels. Fig. 3 shows the average val-
ues of the abiotic variables, for the sites and years within each of
the theoretical divisions proposed. A clear increasing trend, from
High to Poor status is observed for all of the variables studied.
LEC and TUb show significant differences (p < 0.05 and p < 0.01),
between most of the ecological status levels (Table 4). The remain-
ing variables present differences between High and Poor status,
with the exception of IMs. On the other hand, the PCO analysis
relates the distribution of the assemblages, to the environmen-
tal variables (Fig. 4). The first two axes explained 47.8% of the
total variation. The two-dimensional plot shows a clear separation
of samples, from High to Poor status. In all cases, environmen-
are related to PCO 2. Poor and Moderate ecological status levels
are correlated positively with environmental variables, which indi-

derate Poor

96

08

Arrigunaga

Azkorri

Meñakoz

Matxilando

Temporal Reference Conditions

Spatial Reference Conditions*

ient

owing separation of assemblages according to sites and time of sampling. The lines
008). Dotted lines separate the pollution gradient into four levels of degradation.
lugatxe, Berriatua, Itziar and Jaizkibel.
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Table 3
Average cover (in %) of indicator species for each of the quality levels (High, Good,
Moderate, and Poor) differentiated in the nMDS ordination analysis, on the basis of
Bray–Curtis dissimilarity matrix calculated for 4th root-transformed data. A theo-
retical inventory, based upon data from the area, prior to 1996, represents the bad
conditions.

Species list High Good Moderate Poor Bad

Bachelotia antillarum – – – 0.6 6.3
Bifurcaria bifurcata 6.2 1.0 – – –
Boergeseniella thuyoides 2.4 – – – –
Caulacanthus ustulatus 1.2 4.8 12.2 13.0 1.6
Ceramium botrycarpum 0.5 0.3 3.6 6.4 –
Ceramium ciliatum 0.5 1.6 10.5 10.5 1.3
Ceramium flaccidum 0.3 0.1 6.8 5.4 1.3
Chondracanthus acicularis 3.6 4.0 0.4 – –
Chondria coerulescens 0.7 5.0 5.6 4.0 –
Chthamalus spp. 1.2 1.3 1.4 – –
Cladophora lehmanniana 0.8 0.4 2.9 1.5 –
Cladostephus spongiosus 1.4 0.2 0.3 0.6 0.1
Codium decorticatum 0.3 10.7 5.6 0.6 –
Corallina elongata 37.3 51.8 54.5 6.3 –
Cystoseira tamariscifolia 5.8 – – – –
Dictyota dichotoma 0.2 0.1 1.0 1.0 –
Falkenbergia rufolanosa 5.5 2.7 1.2 0.1 –
Gastroclonium reflexum 0.1 0.3 0.3 3.6 –
Gelidium spinosum 1.8 7.2 5.6 – –
Gelidium pulchellum 0.1 1.9 1.0 1.1 –
Gelidium pusillum – 0.1 1.6 38.2 48.5
Gymnogongrus griffthsiae – – 0.1 0.1 1.1
Hyale spp. 1.0 0.4 0.2 – –
Hypnea musciformis 1.0 0.4 0.4 – –
Jania rubens 3.7 0.7 0.1 – –
Laurencia obtusa 7.9 0.7 – – –
Lithophyllum incrustans 10.7 7.9 1.1 – –
Mesophyllum lichenoides 4.3 10.0 6.8 – –
Mytilus galloprovincialis 0.5 0.7 2.1 8.6 0.5
Ophidocladus simpliciusculus 1.0 0.1 – – –
Paracentrotus lividus 3.5 0.3 0.3 0.1 –
Patella spp. 5.2 2.9 1.0 0.8 –
Plocamium cartilagineum 1.1 0.8 – – –
Polydora spp. – – 1.0 27.0 37.5
Polysiphonia atlantica – – 0.0 0.6 1.1
Pterosiphonia complanata 1.7 6.1 1.9 – –
Pterosiphonia pennata 0.7 1.0 0.5 0.5 –
Ralfsia verrucosa 1.4 1.4 2.2 0.2 –
Stypocaulon scoparium 32.2 11.0 3.0 – –
Ulva rigida 0.7 4.6 12.5 3.4 2.0

c
l
s
g

Low values of Rf (Fig. 6B) are recorded under severe pollution
levels, where the degraded sites show an increase over the period

T
O
v
l

n

ate low water quality. The abiotic variables with a greater vector
ength are: light extinction coefficient (LEC = 0.8); turbidity at the

urface (TUs = 0.7); turbidity at the bottom (TUb = 0.8); and inor-
anic matter at the bottom (IMb = 0.6). These variables highlight

able 4
ne-way PERMANOVA results for the main test (F) and pair-wise comparisons (t) betwee
ariables analysed: light extinction coefficient (LEC), turbidity at the surface (TUs) and b
ayers, organic matter at the surface (OMs) and bottom (OMb) layers, inorganic matter at

Variable H vs. G G vs. M M vs

F p t p t p t

LEC 31.230 ** 2.6091 * 2.6603 * 3.638
TUb 13.923 ** 1.1529 n.s. 3.5554 * 2.186
TUs 23.449 ** 3.4754 ** 0.9110 n.s. 2.895
TSSb 9.1592 ** 1.5607 n.s. 0.4879 n.s. 2.700
TSSs 2.9710 n.s. 0.5260 n.s. 1.0051 n.s. 0.977
IMb 14.010 ** 1.0959 n.s. 1.7579 n.s. 2.488
IMs 3.0101 n.s. 0.1150 n.s. 1.3926 n.s. 0.932
OMb 4.5659 * 0.3495 n.s. 1.3805 n.s. 1.571
OMs 4.2452 * 1.4617 n.s. 0.5563 n.s. 1.297

.s. – no significant.
* p < 0.05.

** p < 0.01.
ators 12 (2012) 58–71 63

the relationships of the proposed divisions of assemblages, with
the environmental water condition.

3.3. Index functioning

From the different metrics used in this index, the SpBio con-
sists of two components (ESS and PC) and is developed from the
abovementioned reference conditions (Table 1). If the highest sim-
ilarity corresponds to the Bad status inventory the ESS component
is 0.1; 0.2 for Poor; 0.3 for Moderate; 0.4 for Good; and 0.5 for High.
Besides, the PC component acts as a correction factor and, if the
genus Cystoseira is absent in the area under assessment (not nec-
essarily in the quadrats sampled, but considering the whole area),
0.05 is subtracted from the SpBio term.

Fig. 5 shows the variation in the abundance of calcareous
(articulated plus crustose species), morphologically simple forms
(uniseriate, polysiphonous, foliose non-corticated and slightly
corticated: cortex with one-two layers) and complex algae (cor-
ticated algae: cortex with more than two layers, plus leathery
macrophytes), during the recovery process and used as reference
information to develop the RICQI. Under severely altered conditions
(e.g. Arrigunaga, from 1984 to 2004), morphologically simple forms
are the main components of the vegetation; as pollution decreases,
these are replaced by calcareous algae and, finally, coarse and leath-
ery species enter into the communities. Although morphologically
simple forms are more abundant at the disturbed sites, than at the
reference stations (Fig. 5A), they are not relevant in distinguishing
between moderately degraded and unaltered vegetation. Calcare-
ous algae, for example, are nearly absent when the environmental
conditions are altered strongly but reach their highest covers under
moderate levels of pollution (Fig. 5B). MCA (Fig. 5C) show the best
response to changes in water quality levels, since they increase
progressively as pollution decreases. Therefore, only the MCA data
were used to develop the RICQI, since they have the best bioindi-
cator attributes. Quality thresholds for this component are shown
in Fig. 5C and listed in Table 1.

The quality thresholds for algal and invertebrate species rich-
ness, as used in the RICQI, are shown in Fig. 6A and B and Table 1.
The Ra shows a clear increase from 1984 onwards, at all of the
disturbed sites: Arrigunaga (8 in 1984 vs. 30 in 2008); Azkorri (20
vs. 44); Meñakoz (25 vs. 39); and Matxilando (29 vs. 57). Gener-
ally, it shows values of more than 40 species under the reference
conditions.
of the study: Arrigunaga (6 in 1992 vs. 19 in 2008); and Azkorri
(20 vs. 28). The two remaining sites under the recovery process,

n ecological status (H: High; G: Good; M: Moderate; P: Poor) for the environmental
ottom (TUb) layers, total suspended solids at the surface (TSSs) and bottom (TSSb)
the surface (IMs) and bottom (IMb) layers.

. P H vs. M H vs. P G vs. P

p t p t p t p

7 * 4.4994 ** 8.2069 ** 7.3264 **

0 * 3.8334 ** 4.0785 ** 4.4700 **

0 n.s. 1.9946 * 18.060 * 10.7270 **

5 n.s. 2.1650 * 5.4410 ** 3.6237 **

6 n.s. 1.6047 n.s. 2.2201 * 2.1287 n.s.
5 n.s. 2.9644 * 5.5678 ** 4.8398 *

5 n.s. 1.5017 n.s. 2.0644 n.s. 2.2288 n.s.
1 n.s. 1.9424 n.s. 4.2041 ** 2.9599 *

7 n.s. 1.7589 n.s. 2.9717 * 2.4016 *
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four quality levels distinguished from the assemblage MDS ordination (see Fig. 2).
rganic matter; IM = inorganic matter; at surface and bottom of the water column.

Fig. 7 shows the variation in the relative abundance of fauna
with respect to the benthic community (flora plus fauna) and the
variation in the abundance of suspensivores and herbivores, during
the recovery process in the Abra of Bilbao. The quality thresholds
are listed in Table 1. The Pf was highest at the degraded sites, with
values decreasing over the period of the study: Arrigunaga (39%
in 1992 vs. 6% in 2008); Azkorri (19% in 1996 vs. 5% in 2008);
Meñakoz (13% vs. 3%); and Matxilando (7% vs. 2%) (Fig. 7A). In
general, extremely low percentages of fauna with respect to the
benthic community are recorded at sites under low levels of pol-
lution (Pf: 0–5%); intermediate values (Pf: 5–15%) appear at the
reference sites. With respect to trophic guilds, the highest Ch val-
ues are obtained at the reference sites (Fig. 7B), whereas sites
under the recovery process show lower values (excluding Azko-
rri). Conversely, Cs maintains low values at the reference sites
and at intermediate pollution levels (Fig. 7C). At the most stressed
sites high abundance of suspensivores is found, with all of the
sites declining over time: Arrigunaga (38% in 1992 vs. 7% in 2008);
Azkorri (19% in 1996 vs. 4% in 2008); Meñakoz (18% vs. 1%); and
Matxilando (2% vs. 1%).

3.4. Metrics integration

The scores obtained from each of the metrics are added together,
to produce the final quality status. It should be noted that a distinct
specific weight is given to each of the RICQI metrics (SpBio con-
tributes up to 50%, MCA up to 20%, R 15% and FC 15%) because

the sensitivity of each metric varies, reflecting changes in environ-
mental quality. Therefore, the SpBio shows the clearest response
to disturbance, this is followed by the abundance of MCA, and then
species richness and fauna cover. Unfortunately, there is only lim-
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Fig. 5. Cover (in %) and standard error (SE) of morphologically simple algae (A), Calcareous algae (B), and morphologically complex algae (C), through time at degraded
conditions and at reference conditions. Key: TRC: temporal reference condition; and SRC: spatial reference condition.
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ted physicochemical data to supplement the criterion used, which
s based largely on expert knowledge.

.5. Index validation using an independent dataset

The results obtained suggest that RICQI responds clearly to
hanges in water quality in Plentzia Bay (Table 5). Hence, prior to

he set-up of the WWTP, the best ecological conditions in the bay
ere found at Muriola, the site farthest from the influence of the

utfall and the mouth of the river Butroi (Fig. 1). Assemblages at this
ite recorded Good ecological status throughout the study (Table 5).

able 5
uality values obtained by applying RICQI in the assessment of ecological status

H: High; G: Good; M: Moderate; P: Poor) of rocky intertidal communities at four
tations located in Plentzia Bay prior to the set-up of a Waste Water Treatment Plant
1997), during the application of a primary treatment (years 2003 and 2005), and
fter the addition of the biological treatment (years 2007 and 2009).

Pre-operational Primary treatment Biological treatment

1997 2003 2005 2007 2009

Muriola G (0.73) G (0.71) G (0.77) G (0.78) G (0.74)
Astondo M (0.47) M (0.44) M (0.58) G (0.70) G (0.60)
Isla Pobre P (0.37) M (0.49) M (0.59) G (0.70) G (0.62)
Errotatxu M (0.53) M (0.59) G (0.72) G (0.75) G (0.63)
ed conditions and at reference conditions. Key: TRC: temporal reference condition;

Benthic communities at Astondo were classified as Moderate eco-
logical status, from 1997 to 2005; they were assessed as Good status
after the improvement of the WWTP, through the introduction of
biological treatment. In the pre-operational stage, communities
at Isla Pobre, the station that receives directly the effluent, were
assessed as Poor ecological status (Table 5). The assessment moved
to Moderate status with the introduction of primary treatment
(2003) and, finally, to Good status with the application of biological
treatment (2005). The Errotatxu communities moved from Moder-
ate to Good ecological status (2005).

3.6. Comparison with other indices

The quality values obtained by applying the CFR index, to the
same rocky intertidal communities used to develop the RICQI, are
listed in Table 6. Similar to RICQI, the CFR index showed High
ecological status for the reference site, in the absence (or limited
presence) of human pressure. However, CFR gave high scores at
assemblages under the recovery processes, even at early stages of
recovery. In 1996, the CFR index shows High ecological status in

Azkorri, Meñakoz and Matxilando, with Good ecological status in
Arrigunaga.

In the period before the WWTP came into operation in Plentzia
Bay, the CFR index identified the lowest ecological conditions at
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ime, at degraded conditions and at reference conditions. Key: TRC: temporal refere

sla Pobre (the station that receives directly the effluent) (Table 6).
owever, some inaccurate results are detected when the CFR is

sed. On the one hand, communities at Isla Pobre show High eco-

ogical status, even before biological treatment comes on line. The
ame result is obtained for Errotatxu. On the other hand, in the
re-operational period, the communities at Astondo show High
cover (in %) and standard error (SE) of herbivores (B) and suspensivores (C), over
ondition; SRC: spatial reference condition.

ecological status. This site was affected less by the outfall than Isla
Pobre, but it received directly water from the river Butroi, carrying

pollutants from various anthropogenic activities upstream. In addi-
tion, quality scores were lower during the primary treatment stage
than in the pre-operational state at Astondo. With the exception
of Muriola in 2005, the CFR index (Table 6) gives higher scores in
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Table 6
Quality values obtained by applying the CFR index to the assessment of ecological status (H: High; G: Good; M: Moderate; P: Poor) of rocky intertidal communities at the
sampling sites adjacent to Abra of Bilbao (used to develop the RICQI), and in Plentzia Bay (independent dataset used for index validation). Key: DS: Degraded Sites; TRC:
temporal reference conditions.

Adjacent coast to Abra of Bilbao Recovery process

1996 1998 2000 2002 2004 2006 2008

DS
Arrigunaga G (0.80) M (0.40) P (0.25) G (0.65) M (0.40) G (0.70) G (0.70)
Azkorri H (0.85) H (0.85) H (0.85) H (0.85) H (0.95) H (0.90) H (0.90)
Meñakoz H (0.85) G (0.75) G (0.75) H (1.00) H (0.90) H (1.00) H (0.90)
Matxilando H (0.95) H (0.85) G (0.75) G (0.80) H (0.95) H (0.85) H (0.95)

TRC
Kobaron H (1.00) H (1.00) H (1.00) H (1.00) H (1.00) H (1.00) H (1.00)

Plentzia bay Pre-operational Primary treatment Biological treatment

1997 2003 2005 2007 2009

Muriola G (0.80) H (0.85) G (0.75) H (0.95) H (0.85)
Astondo H (0.95) H (0.85) G (0.70) H (0.90) H (0.90)
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Isla Pobre G (0.65) G (0.80)
Errotatxu G (0.80) G (0.85)

he ecological assessment of intertidal communities, than the RICQI
Table 5). In summary, CFR is a less sensitive tool, than RICQI, for
ssessing the ecological quality of intertidal assemblages.

. Discussion

The assessment of ecological status plays an important role in
he management of coastal zones; however, only a small number
f ecological indices are applicable to rocky bottoms (Mangialajo
t al., 2007; Borja et al., 2012). In this study, the ecological quality
tatus obtained using the RICQI shows that the method responds to
he human pressure produced by a sewerage scheme. Assemblages
hat received directly wastewaters from the effluent, moved from
oor ecological status to Moderate status upon the introduction of
rimary treatment; they moved further to Good status, with the

mplementation of the biological treatment.
The sensitivity of the RICQI is based upon the establishment of

classification system using the composition and structural char-
cteristics of rocky intertidal communities. A conceptual model of
he community successional stages along a gradient of increasing
isturbance is proposed (Fig. 8). From High to Bad ecological sta-
us, species composition, species richness, cover of MCA and fauna
over change as summarised here, according to the normative defi-
itions within the WFD: (i) High – The large perennial macrophytes
ystoseira tamariscifolia, Bifurcaria bifurcata, Stypocaulon scoparium,
nd Gelidium spinosum occupy the lowest intertidal level. Land-
ards, Corallina elongata shares substratum with caespitose forms

uch as Laurencia obtusa and Chondracanthus acicularis and crustose
alcareous algae. The invertebrates Patella spp. and Paracentro-
us lividus are abundant. Species richness, MCA and herbivorous
over show the highest levels. (ii) Good – C. tamariscifolia is absent.
over of B. bifurcata, L. obtusa and C. acicularis decreases signifi-
antly. The calcareous C. elongata becomes dominant. S. scoparium
nd G. spinosum remain abundant. The urchin P. lividus decreases
ignificantly, whereas Patella spp. remains abundant. MCA and her-
ivorous cover decrease, whilst species richness may be altered.
iii) Moderate – C. elongata remains dominant, showing its highest
over. The turfing algae Caulacanthus ustulatus and Ceramium spp.
ecome abundant, whilst L. obtusa and C. acicularis disappear. Crus-
ose calcareous algae show low covers. Species richness and MCA
ecrease, whereas invertebrates, essentially suspensivores such as

ytilus galloprovincialis, increase. (iv) Poor – Gelidium pusillum and

olydora spp. become dominant, whilst C. ustulatus, Ceramium spp.
nd M. galloprovincialis are abundant. Species richness decreases,
he percentage of substratum occupied by fauna increases sig-
H (0.95) H (0.90) H (0.90)
H (0.95) H (0.95) H (0.85)

nificantly, essentially suspensivores. (v) Bad – dominated by G.
pusillum, Bachelotia antillarum and Polydora spp. Species richness
and MCA reach minimum values, whilst invertebrates, essentially
suspensivores, are abundant.

The underlying structure of the benthic community succes-
sion proposed in this conceptual model is consistent broadly with
the alterations reported for warm-temperate assemblages, under
human pressures. Therefore, there is ample evidence that coralline
algae tend to become dominant when Cystoseira species are lost,
as a consequence of anthropogenic disturbances (Benedetti-Cecchi
et al., 2001; Arévalo et al., 2007; Mangialajo et al., 2008; Bertocci
et al., 2010). In general, the loss of perennial canopy-forming algae
is considered to be the first signal of vegetation degradation (Brown
et al., 1990; Eriksson et al., 2002; Connell et al., 2008). It has
been documented also that, as disturbance increases, species of
Corallina are replaced progressively by small fast-growing species
more tolerant to pollution, such as G. pusillum (May, 1985; Brown
et al., 1990) and other simple forms (Pinedo et al., 2007). Like-
wise, chronic domestic pollution encourages the development of
filter-feeding animals, particularly mussels and barnacles; these
take advantage of the organic matter enrichment (Bellan and
Bellan-Santini, 1972; Kautsky et al., 1992; Pinedo et al., 2007).
In agreement with the results obtained here, the replacement of
phytobenthic assemblages, by extensive cover of polychaetes in
response to severe pollution, has been reported also in other Euro-
pean areas (Wilkinson et al., 1987).

The use of functional-form group models, as a tool to predict
changes in algal community structure resulting from disturbance
has been proposed by several authors (Littler and Littler, 1980;
Steneck and Dethier, 1994). Therefore, other multimetric quality
indices, such as the EEI (Orfanidis et al., 2001) and the RSL index
(Wells et al., 2007), include functional-form groups as indicators
of environmental health. Both these methods classify species into
two ecological state groups (ESG): ESG 1, which includes calcare-
ous, highly corticated and leathery forms (late successionals and
perennials); and ESG 2, which includes unicellular, filamentous,
sheet-like and slightly corticated forms (opportunists and annuals).
According to our results, although severely disturbed and pristine
communities clearly show differences in the abundance of ESG 2,
this information appears to be less discriminating in differentiating
between moderate and slightly disturbed assemblages. Similarly,

calcareous algae, that show the highest covers under moderate lev-
els of pollution, are of little use in differentiating between moderate
and slightly disturbed environments. In contrast, the abundance
of MCA seems to provide excellent information, because these
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Fig. 8. Conceptual model proposed for successional stages along a gradient of increasing environmental disturbance and associated values of metrics included in the index.
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ey: MCA: Morphologically complex algae; Ra: algal species richness; Rf: inverte
erbivores cover; and Cs: suspensivores cover.

acrophytes increase progressively from severely disturbed to
ristine conditions.

The shift in the community composition, from specialised to
pportunist species along the disturbance gradient, is accompa-
ied by a decrease in species richness. Loss of species richness

s a common factor in the measurement of anthropogenic distur-
ance (Littler and Murray, 1975; May, 1985; Tewari and Joshi, 1988;
unda, 1993; Roberts, 1996; Underwood and Chapman, 1996;

révalo et al., 2007; Wear and Tanner, 2007). Similarly, increases
n the number of taxa following water quality improvements have
lso been reported (Bonk et al., 1996; Gorostiaga and Díez, 1996;
rchambault et al., 2001; Soltan et al., 2001). Nevertheless, other
tudies do not find a significant effect of disturbance on the total
umber of species (Terlizzi et al., 2002, 2005). These discrepancies
ay be related to the frequency and intensity of disturbance, as
ell as in the disparity of the physical environmental conditions
n which each study is undertaken. Our results reveal that species
ichness decreases significantly under heavily altered conditions,
articularly the number of algal species. It drops also in moderately
egraded communities, although it is not a discriminating mea-
species richness; PF: faunal percentage with respect to benthic community; Ch:

sure between slightly degraded assemblages and unaltered ones. It
could be inferred from some cases of the present study, that low lev-
els of disturbance could promote the introduction of new species,
by preventing the competitive equilibrium of mature communities.
As result of this, species richness has been used as a metric in the
development of RICQI but with a lower specific weight than the
metrics SpBio and MCA.

None of the available ecological indices for rocky substrata
incorporate fauna. In this sense, RICQI is not fully compliant with
WFD requirements, since macroalgae and invertebrates are not
treated as different BQEs. However, other authors have recom-
mended also considering the simultaneous use of both fauna and
flora for the determination of the ecological status of hard sub-
strata (Hiscock et al., 2005). The results presented here show that
invertebrates are implicitly intricate in the degrees of alteration
of macroalgae, since a progressive loss of algae is associated with

the proliferation of fauna, as a consequence of disturbance. Whilst
the assessment procedures are still under development, emphasis
needs to be placed on comprehending the complexities of coastal
systems, instead of simplifying them into smaller components
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Diaz et al., 2004). Seaweeds represent an important biological
esource for animals that make use of the algae for food, shelter
nd support (Hayward, 1988). Over the mid-intertidal, algal turfs
llow the presence of many invertebrate species, that otherwise
ould be absent at the same tidal level (Bejín et al., 2004; Bertness

t al., 2006) and influence the ecological patterns of associated ani-
als (Hauser et al., 2008). At the same time, the patchiness that

haracterises the rocky benthos worldwide is generated mainly
y invertebrates (Sousa, 1984; Branch, 1985). The classification of
cological status of rocky substrata is challenging, since algae and
nvertebrates covary, both naturally and with the alteration of the
nvironmental conditions. Given the close link between flora and
auna the WFD policies might consider extending their definitions
egarding BQEs. Otherwise, essential information will be lost in our
nterpretation of changes, especially in the case of humanly altered
cosystems, as it has been demonstrated in this study.

Two boundaries between the five ecological status levels are
specially relevant: (i) between Good and Moderate, as it distin-
uishes between acceptable and unacceptable levels of quality
according to the WFD); and (ii) between Good and High sta-
us. If slightly disturbed assemblages are mistakenly considered
o show pristine conditions, environmental management decisions
ould lead to a progressive loss of biodiversity. Therefore, the
ain challenge when developing a biotic quality index is to draw

p a sensitive tool for detecting differences between moderately,
lightly altered and undisturbed communities. In this regard, our
esults suggest that the RICQI is a more sensitive method than
he CFR, for assessing the ecological status of the rocky intertidal
ommunities of the Iberian coast. Discrepancies between the two
ndices may be due largely to the way in which species sensitiv-
ty to pollution is classified. CFR is based mainly upon two species
ists: a “characteristic” species list, which includes the most sensi-
ive macrophytes; and an “opportunistic” species list, composed of
pecies tolerant to anthropogenic disturbances. In contrast, RICQI
ses five theoretical inventories, with the relative abundance of
pecies varying from the bad status inventory to the high status
nventory. As a result, under CFR, Corallina spp., S. scoparium and
ystoseira baccata are considered to be equally tolerant to pollution;
nder RICQI, they show different degrees of tolerance.

The RICQI has been developed for the Basque Country and, there-
ore, reference conditions as well as the ecological class boundaries
re relevant to this coastal area and may not transpose directly into
ther regions. Thus, all metrics will have to be intercalibrated sub-
equently in order to guarantee that metrics assess the same water
odies in the same status.
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ABSTRACT 

In coastal areas seagrasses have considerable ecological importance and they respond to 

eutrophication pressures. Seagrasses have become an important parameter for assessing ecological 

status of marine water bodies.  In this study we analyzed the sources of uncertainty associated with 

the monitoring of the max depth limit in eelgrass (Zoestra marina). Based on a long term marine 

monitoring of eelgrass max depth limit in Danish coastal waters we estimated the uncertainty 

contribution of year, diver, transect and replicates for each water body. For all variables the 

uncertainty increased with the maximum depth limit, which suggested that eel grass depth limits 

were more difficult to determine or less well defined at large depths. We used either a Spheric or a 

Gaussian function to describe the relation between uncertainty and the max depth limit for each 

variable. This parameterization of the depth specific uncertainty allowed estimation of the total 

variance, which can be used to evaluate survey designs.  The total variance was compared with the 

time budget for a survey in a water body. If a maximum time limit was allocated to survey a water 

body, the surveys that resulted in the lowest variance of the maximum depth limit used 2 divers if 

100 h were available and 3 divers if 200h were available, 2 or 3 years of survey and 4 to 8 transects.  
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INTRODUCTION 

Eelgrass and other seagrasses are widely distributed in temperate and tropical coastal waters (Short 

et al. 2011). The meadows provide habitat for a wealth of organisms, some of which complete their 

lifecycle there, while others use them as hatching and nursery areas. Seagrass meadows also play 

important roles in the sequestration of carbon and recycling of nutrients, stabilize the seabottom, 

and protect coastlines against erosion. The many important ecological functions make seagrasses 

key components of healthy coastal ecosystems (Hemminga & Duarte 2000). 

Seagrasses grow in relatively shallow coastal waters with their maximum depth limits extending as 

deep as light levels allow their growth to balance losses (Dennison 1987). Seagrass depth limits are, 

therefore, mainly determined by water clarity (Duarte et al. 2007, Ralph et al. 2007, Krause-Jensen 

et al. 2011b), which is affected by eutrophication (e.g. Cloern 2001). High nutrient loads stimulate 

growth rates and hence concentrations of phytoplankton, which reduce water clarity (Nielsen et al. 

2002). On a longer term, nutrient pressures may also lead to increased concentrations of suspended 

particles of mineral and organic origin, which further reduce water clarity (Olesen 1996). Increased 

sedimentation of organic-rich material may impair sediment quality (Koch 2001, Krause-Jensen et 

al. 2011a) and increase the risk of water column anoxia and emission of hydrogen sulfide, which 

hamper seagrasses (Holmer & Bondgaard 2001, Pulido & Borum 2010). Several additional factors 

unrelated to eutrophication also affect eelgrass distribution in space and over time. Examples are 

physical disturbance due to natural factors such as wind and wave exposure or human causes such 

as dredging or anchoring activities (Short & Burdick 1996) as well as variations in e.g. sediment 

structure (Koch 2001) or temperature (Stæhr & Borum 2011). 
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The sensitivity of seagrasses to human pressures in combination with their key ecosystem functions 

make them useful indicators of ecological status and a wide range of seagrass indicators are used in 

Europe e.g. for assessing ecological status as required by the Water Framework Directive (WFD) 

(Marbá et al. submitted). The need for assessing the status of seagrasses is further accentuated by 

the global threats and marked declines of these ecosystems (Waycott et al. 2009). The three most 

common seagrass indicators are shoot density, cover and depth limit (Marbá et al. submitted). 

Contrary to measurements of Secchi depth, which provide snapshots of a highly dynamical variable, 

the depth limit s of perennial seagrasses constitute an integral indicator of light conditions over a 

much longer time span, and, in addition, describes the distribution boundary of the seagrass habitat.  

To estimate the confidence in WFD classification of ecological status and design an optimal 

monitoring program, we need information on the different sources of variation associated with the 

assessment. Eelgrass depth limits may, as argued above, vary substantially within and across water 

bodies, and in order to be able to detect a trend caused by e.g. reduced eutrophication pressure, it is 

important that the monitoring program is designed to minimize the influence of random variation in 

space and time as well as the variation due to methodology. Random variation in estimates of depth 

limits of a given water body can be categorized as year-to-year variation, methodological variation 

between divers, large-scale spatial variation between individual transects/areas of the water body 

and smaller scale spatial variation between replicate observations. Quantification of these important 

sources of variation can devise means to reduce uncertainties related to the monitoring methods and 

program, and thus improve the precision of the indicator and its power to detect changes.  

The depth limit of eelgrass is the main indicator of ecological status of Danish coastal waters where 

a large historical dataset provides information on the distribution of eelgrass during the last century 

and serves as a reference on distribution patterns under relatively undisturbed environmental 

conditions (Krause-Jensen & Rasmussen 2010). A large-scale and long-term monitoring data set on 
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the maximum depth limit of eelgrass in Danish coastal waters has been conducted since 1989. The 

resulting data set, encompassing two decades, shows no trend in depth limits despite marked 

reductions in nutrient load, most likely because water clarity has not improved markedly and 

prevents a return from the current plankton-dominated regime to an eelgrass dominated regime 

characteristic of the oligotrophic situation in the past (Krause-Jensen et al. 2011b; Hansen & 

Pedersen 2010; Carstensen et al. this volume). However, the large data set also contains unique 

information for estimating how much each of the sources of variation associated with the 

monitoring scheme, i.e. variation between year, diver, transects and replicate observations 

contribute to the uncertainty in the estimation of the maximum depth limit of eelgrass. 

Quantification of these sources of variation provide a basis to suggest an optimal design for a 

program to monitor seagrass depth limits.  

This paper has three goals: 1) To quantify the sources of random variation that affect the estimates 

of eelgrass depth limits. 2) To identify how the uncertainty varies across the range of depth limits. 

3) To develop general parametric relationships to describe the magnitude of uncertainty components 

in a given water body. 4) On the basis of the findings we will illustrate how the identified sources of 

uncertainty and their magnitudes can be applied to design a cost-efficient monitoring program. 

 

METHODS 

Study areas and sampling 

The data set on eelgrass maximum depth limit analyzed in the present study has been collected as 

part of the Danish national environmental monitoring program between 1993 and 2009. The local 

environmental Authorities conducted the monitoring according to a common set of guidelines. 

Monitoring was conducted by 29 different divers at a total of 352 transects, distributed over 65 
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areas from 51 water bodies in Danish coastal waters in the Kattegat-Belt area of the Baltic Sea 

(Figure 1). Some water bodies consisted of more than one area, e.g. an inner and an outer part of a 

water body (Table 1). Typically, inner and outer estuaries differed substantially in terms of salinity, 

eutrophication pressure and hence the maximum depth limit also differed. Therefore we analysed 

data on basis of area rather than water body. 

The monitoring took place between April and September with the majority (78%) conducted in 

June-August. At each transect a diver estimated the maximum depth limit of eelgrass defined as the 

deepest occurring shoot. The diver swam from the coast to deeper depths and when reaching the 

maximum depth limit defined as the deepest shoot, would swim 30 m orthogonal to each side of the 

transect crossing the depth limit multiple times and recording seven replicates of the maximum 

depth limit (Figure 1).  For each recording, the diver placed the depth sensor on the bottom to read 

the maximum depth limit. In the following, the maximum depth limit is referred to as depth limit.  

Usually the same transects were monitored for multiple years, although this was not consistent 

throughout the entire data set.  

With most transects surveyed each year with replicate observations, the data can be considered 

somewhat hierarchically organized and we treat transect, year, and replicate as random factors.  

Diver was also included as a random variable although all divers were not used in all years and a 

specific diver would only survey a subset of the transects within a limited geographical region. 

Statistical analysis 

We used general linear mixed models (GLMM) to estimate the variance contribution of the 

different sources of uncertainty on eelgrass depth limits. First, the overall variance contributions of 

1) interannual variation, 2) different divers, 3) spatial variation among transects within a subarea, 

and 4) spatial variation of replicates within a transect in a given year and for a given diver were 
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estimated with a model that included a mean parameter specific to water body and area within that 

water body ( ): 

    (Eq. 1) 

where Yijkl is the eelgrass max depth limit, Ai is the random variation across years with a variance of 

, Bj is the random variation among divers with a variance of , Ck is the random variation 

among transects with a variance of , and eijkl is the random variation among replicates within 

transects with a variance of . The generality of the four variance components was examined by 

estimating the same model specifically for each water body and area within water body, thus 

producing 65 sets of variance estimates. The model did not include interactions between the main 

factors (Ai, Bj and Ck), since the sparseness of combinations of all three factors did not allow for 

their estimation. This implies that the random variation among divers was assumed to be the same 

for all transects and years, and similarly for the interannual variation and the spatial variation 

among transects. The mean depth limit was a fixed factor, and it did not influence the estimates of 

the random effect components. 

For some areas within water bodies the estimation of the mixed model above (Eq. 1) did not 

converge (resulting in a non-positive Hessian matrix) due to lack of combinations of the random 

factors or alternatively, one of the random factors had one level only and therefore its variance 

could not be estimated. Hence, we removed the constraining factor for those areas within water 

bodies, where convergence problems were experienced, and re-estimated the model. Estimates for 

all four variance components were obtained from 58 areas, whereas Ai was removed from 5 areas, 

Bj was removed from 21 areas, and Ck was removed from 6 areas (cf. Table 1). 
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Estimates of the variance components were related to the mean depth limit to investigate if the 

uncertainty was constant or proportional across the expected mean levels, suggesting the data to be 

normal or lognormal distributed. We also analysed if the nature of the relationship between the 

standard errors of the random factors (square root of the variances) and the expected max depth 

limit deviated from a constant or proportional relationship, suggesting a more complex statistical 

distribution. Our results showed a tendency for the standard errors to increase with eelgrass depth 

limit at lower depths and with a flattening out at larger depths. Therefore, we used either a Gaussian 

or spherical model to fit the relationship between standard errors and expected max depth limit.  

PROC MIXED and PROC MODEL in SAS 9.2 (Cary, NC) were used for conducting all analyses. 

The established relationships between standard errors and expected depth limit were used to 

calculate the uncertainty of an estimated mean max depth limit based on nA years, nB divers, nC 

transects and n replicates for each transect monitored in a given year by a given diver. Assuming a 

balanced design, in practice most likely with rotation of divers across years and transects, the mean 

depth limit can be estimated from the observations yijkl as: 

   

(Eq. 2) 

having a variance of: 

 

(Eq. 3)
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where variances for the different uncertainties are formulated as functions of the expected max 

depth limit, using the established relationships described above. In the Water Framework Directive 

observations are used to characterise a planning period of 6 years. In that case, the variance 

contribution from different years should be relative to the variation among the 6 years and not 

related to the entire population of years, i.e. if all years within the 6-year period are monitored then 

the distribution of the interannual variation is essentially known. This has repercussion for the 

variance of the estimated max depth limit, which in this case changes to: 

             

(Eq. 4) 

showing that the variance from the interannual variations becomes zero when all years are sampled. 

This variance equation (Eq. 4) was used to calculate the uncertainty of the mean max depth limit for 

various combinations of number of monitored years, transects, and replicates as well as number of 

divers used for the monitoring. 

 

Optimising monitoring efforts 

Increasing the number of observations, whether it is number of years, divers, transects or replicates, 

will inevitably reduce the uncertainty of the estimated mean depth limit, however, changing these 

numbers for monitoring effort will affect the uncertainty differently. To illustrate the use of 

variance components in designing a monitoring program we will minimise the uncertainty under 

monitoring constraints in the form of maximum man hours to be allocated for eelgrass monitoring. 

The time required for the different activities has been estimated by experienced people in eelgrass 

monitoring (M. B. Rasmussen, pers. comm.). The conduct of field campaign to monitor eelgrass 

requires 3 people: a diver, a line holder, and a ship master. The planning of the field campaign is 
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assumed to take 8 hours in total per year of monitoring. Transport for the 3 people including boat 

time to the area of investigation and back again, is assumed to take 4 hours per person. Monitoring 

of a single transect commonly takes 0.5 hour and an additional 3 minutes (~0.05 hour) for each 

replicate. Transport from one transect to the next is approximately 0.5 hour. If there is more than 

one diver on the field campaign, the divers are assumed to monitor parallel transects from the boat 

simultaneously and thus not adding to the total time required for monitoring the transect. The time 

required for eelgrass monitoring in a given water body can be calculated as 

Time (hours) = nA× (8 + (2 + nB) × (4 + nC × (0.5 + (n – 1) × 0.05) + (nC - 1) × 0.5))            (Eq. 5) 

where the number of years (nA) of monitoring is multiplied by 8 hours of planning and the time 

required to conduct the field campaign in a given year. The number of people on the boat is two 

plus the number of divers (nB), using 4 hours as a base cost for conducting the field campaign plus a 

cost for the number of transects (nC) and the transport between transects. 

The uncertainty of the estimated eelgrass mean depth limit (Eq. 4) for a given monitored water body 

was estimated for various combinations of number of years (i=1 to 6), number of divers (j=1 to 3), 

number of transects (k=1 to 8), and number of replicates (l=1 to 10). The combinations that resulted 

in the lowest variance of the eelgrass mean depth limit (Eq. 4) under time constraints of 100 and 

200 hours were chosen as the optimal design for the monitoring program. 

 

 

RESULTS 

Sources of variation in general 
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The maximum depth limit for all transects varied between 0.2 m and 12.5 m. The maximum depth 

limit differed significantly between sites (mixed model F6, 7278=26.4, p<0.0001). Variation between 

transects was larger than variation between year, diver, and replicates (Figure 3, Table 2). 

  

 

The standard error increase with the estimated maximum depth limit 

Normally, variances are assumed constant across their range, but for transect, diver, year and 

replicate the variance overall increased with the estimated maximum depth limit (Figure 4). For all 

variables the standard error initially increased with the estimated maximum depth limit and then 

levelled off. We fitted either a Gausian or a Spherical function to parameterize the relation between 

the uncertainty and the depth limit, and selected the function that resulted in the best fit to the data 

(Table 3). A Gaussian function gave the best fit for year (R2=0.11), where the uncertainty increased 

with the depth limit until 2.73 m and then levelled off at a standard error of 0.48 m (Table 3, Figure 

4a). 

For the uncertainty that can be associated with diver a spherical function gave the best fit (R2=0.23) 

to describe the relation between uncertainty and depth limit. For diver the range estimate suggested 

that the uncertainty of the maximum depth estimate (i.e. standard error) increased until 7.18 m 

maximum depth and then stabilized around a standard error of 0.75 m (Table 3, Figure 4b). The 

variation between transects increased until 1.82 m and stabilized at a standard error of 0.77. 

Regarding the variation between years, the range suggested that the standard error increased until 

reaching a maximum depth limit of 2.32 m, after which it stabilized at a standard error of 0.47 

(Table 3, Figure 4c). The replicates were best approximated by a spherical function (R2 =0.21). The 

range estimate for replicate variation indicated that the standard error increased with the maximum 

depth until 4.65 m and subsequently stabilized at standard error of 0.54 m (Figure 4d).  
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We used equation 3 to calculate the total depth specific variance (Figure 5). The total variance on 

the depth limit estimation increased with the depth limit until 7.26 m.  

 

 

 

Minimizing uncertainty in a survey design 

The functions above (Table 4) can estimate the variance at any depth limit for the 3 random factors 

and the replicates and thereby estimate the total variance. Obviously larger sampling effort in terms 

of number of years, divers, transects, and replicates will reduce the uncertainty of the estimates of a 

depth limit at a water body.  However, in reality the available resources for surveys often constrain 

the sampling efforts. The challenge is to optimize the sampling effort to attain a minimal 

uncertainty in estimates of eelgrass depth limits at given limited resources. We used eq 5 to 

determine possible combinations of numbers of year, diver, transects, and replicates within 100 h or 

200 h available for survey of a area. For all possible combinations of numbers of year, diver, 

transect and replicates we calculated the depth specific variance using eq 4.  

For a maximum of 100 h spent on a survey the minimum variance on an estimate of the depth limit was 

0.451 for shallow depth limits (3 m) and 0.607 for deep depth limit (6 m).  The minimal variance could be 

achieved by the combination of 2 years, 3 divers, and 4 transects with 5 replicates. The 20 combinations that 

resulted in lowest variances (ranging from 0.451 to 0.510 for shallow depth limits and between 0.608 and 

0.682 for deep depth  limits)  all monitored over 2 years, used 2 or 3 divers,  and between 3 and 7 transects 

with the majority being 5 transects for shallow depth limits and 3 transects for deep depth limits. Replicates 

for theses combinations varied between 1 and 10 replicates. For a maximum of 200 hours spent on a survey 

the minimum variance for the depth limit estimate was 0.303 for shallow and 0.434 for deep depth limits, 

which could be achieved  by a combination of 3 years,  3 divers, 8 transects and 1 replicate. The 20 

combinations with the lowest variances ranged from 0.303 to 0.353 for shallow depth limits and 0.434 to 
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0.486 for deep depth limits. The majority of these 20 combinations used 3 years and 2 would use 4 years, all 

used 3 divers, transects varied between 4 and 8 and replicates varied between 1 and 10. In reality most 

surveys are conducted with only one diver on the boat. For a 100 h surveys the best combination with 1 diver  

gave a variance of 0.654 for shallow depth limits and 1.011 for deep depth limits (Figure 6a) and consisted of  

2 years, 8 transects,  and 7 replicates. For a 200 hour survey the minimum variance using only 1 diver was 

0.560 for shallow depth limits and 0.889 for deep depth limits (Figure 6b), which consisted of a combination 

of 4 years, one diver, 8 transects, and 7 replicates.  

 

DISCUSSION  

All the variance components were found to be important for the uncertainty of the depth limit 

estimates of eelgrass. Yet the sources of the variation likely differ between variance components. 

Variation in depth limits between years likely depends primarily on year to year variation in light 

availability, the main factor governing depth limits (e.g. Duarte et al. 2007). Changes in turbidity, 

for instance due to algal blooms, would alter the light conditions and affect the depth limit, because 

the photosynthesis gain and respiration loss just balance here. Interannual variation in factors 

beyond light may also affect the suitability of the habitat for eelgrass growth (Koch et al. 2001) and 

induce variations in depth limits. The extent and duration of hypoxia or anoxia, which may severely 

hamper eelgrass (Pulido & Borum 2010) is a probable source of variation. Blue mussels (Mytilus 

edulis), which inhabit some of the same depths as eelgrass, are fished for consumption. The current 

fishery procedure involves dredging of the sea bottom in Skive Fjord and other Limfjord basins in 

cycles of a few years, and may physically remove the eelgrass. Although mussel dredging is only 

allowed to a certain minimum depth, located deeper than eelgrass, it cannot be excluded that it 

occasionally affects eelgrass depth limits. Interannual variation in physical factors such as storms 

may also affect especially shallow eelgrass populations either directly (Fonseca et al. 2002) or 
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indirectly through modifications of the substrate (Koch et al. 2001; Krause et al 2011a). 

Furthermore, the exact location  of transects may vary between years, thereby causing variation in 

depth limits, especially if the eelgrass distribution is patchy.  

Small deviations in individual divers practice during estimation of the depth limit and the accuracy 

with which they can correct for fluctuation in water level during a day of surveys is the likely main 

cause of diver variation. Furthermore, when divers swim the zigzag across the depth limit they will 

invariably cross the depth limits at different locations, which could lead to different estimates 

especially if the distribution of eelgrass is patchy. 

Large-scale spatial variation between transects in a water body is most probably caused by some of 

the same factors causing interannual variation in depth limits, e.g. difference in light climate, 

oxygen conditions and substrate conditions e.g. due to difference in eutrophication pressures and 

wind exposure within the water body.  

The replicates within a transect reflect small scale spatial variation which is strongly dependent on 

the patchiness of eelgrass. Replicates representing the same large eelgrass patch are likely less 

variable than those reflecting a patchy eelgrass distribution.  

Differences in patchiness may, thus, explain some of the difference in variation between transects 

and replicates in Figure 2a and 2b. 

 

Why does the uncertainty increase with the estimated max depth limit? 

The increase in uncertainty of all variance components with increased maximum depth limit (Figure 

4 & 5) suggests that deeper depth limits were more variable on temporal as well as on spatial scales 

and also more difficult for the divers to determine. The reason could be that the zone of light levels 
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supporting eelgrass at the depth limit is more extended in clear than in turbid waters. Large depth 

limits reflect relatively clear water and hence less light attenuation, which means that the area 

exposed to for instance 5 % surplus light (photosynthesis relative to respiration) and 0 % surplus 

light (max depth limit) would be larger for large depth limits. Given this scenario the observed 

depth limit at large depth could be expected to fluctuate more than at shallow depth limits.  

Also, the range of possible depth limits is larger in clear water with deep depth limits than in turbid 

waters with shallow depth limits and thereby allows a large inherent variation. The shore line thus 

sets a lower boundary for the depth limit estimates which limits the variation in shallow depth 

limits.  

The uncertainty for divers continued to increase until 7.3 m before it leveled off. This may reflect 

an increased difficulty in estimating the depth limit at deeper depths and, again, an increased range 

of possible depth limits. Despite a well-defined start point for the transects, the diver may drift to 

either side of the transect, such drift may accumulate in long transects resulting in larger variation in 

long transects (i.e. at larger max depth limit).  However, the relative variation in depth limits 

actually declines with larger max depth limit, as the variation makes up a smaller proportion of the 

larger than the smaller estimated depth limits. This decrease in relative variation also means that it 

should be easier to detect relative changes in deeper depth limits than in shallower depth limits. The 

higher relative variation in shallow depth limits may be due to larger effect of physical exposure, 

causing larger variability in eelgrass distribution and abundance towards the shore  (Krause-Jensen 

et al 2000, Fonseca et al. 2002). For the variance components ‘year’ and ‘transect’ the uncertainty 

leveled off already around 2 m, which could be the depths  where physical factors such as wind 

exposure have smaller effect and the variation between transects and years therefore becomes 

stable.  
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Parameterization of uncertainty 

In this study we parameterized the uncertainty for the variables associated with the survey design. 

Such quantification of the uncertainty is important for evaluating the accuracy of ecological status 

class assessment in surveys to test for compliance with the water framework directive (Carstensen 

2007). 

The formulas that we here present are generally applicable to marine monitoring programs and 

should be taken into account when designing a survey. In our study it was possible to estimate the 

parameters empirically as we had access to a large database where no time series trend existed in 

the eelgrass depth limit (Hansen & Petersen 2011; Carstensen et al. 2012). Our eelgrass data set had 

special characteristics as the uncertainty for all variables increased with the depth limit. At shallow 

depths the uncertainty increased with the depth limit i.e. log normally distributed, this can usually 

be transformed to fit normality with a log transformation, whereas the uncertainty at larger depth 

limits remained unaffected by increases in the depth limit and thus follow a normal distribution.  

Implications for survey designs 

We can use the parameterization of the variance component to estimate the variance for different 

survey designs. The results of our case studies give clear recommendations for design of surveys 

that can reduce the uncertainty relative to the current survey designs. In particular using 2 or 3 

divers simultaneously instead of just 1 diver can apparently reduce the variance with up to 40 %.  

Despite that a six year period was available for the survey the variance on the depth limit estimation 

would  be smallest for only 2 or 3 years of survey for both time-limited scenarios, and transects 
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varied between 4 and 8 transects per water body. It is, however, interesting that the residuals 

seemed to have little effect on the uncertainty. 

We admit that our approach to calculation of a time budget is simplified, but it illustrates an 

important point, which is that the diver can have large effects on the uncertainty and survey would 

need to limit the uncertainty with which they contribute. Similar effect of surveyor has been 

documented for benthic invertebrates (Benedetti-Cecchi et al 1996). The use of multiple divers 

surveying a transect will undoubtedly improve the accuracy of the estimate of the depth limit for a 

water body. However, given the individual differences between divers it would be easier to detect a 

change in a water body if transects were surveyed by the same diver year after year. Some regional 

surveys have employed the strategy of using the same diver to survey specific transects. Such 

strategy, however, is vulnerable to changes in diver, which would disrupt the reliability of the whole 

time series. Unless one is sure to be able to use the same diver for many years such a sampling 

strategy would not benefit the accuracy of estimates of eelgrass depth limit over longer time span.  
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TABLES 

Table 1. Overview of the data set for the monitored estuaries.  

Water body Area 
(km2) 

Min. 
depth 
(m) 

Max 
depth 
(m) 

#area
s 

# 
transect
s 

# 
years 

# 
divers 

# 
observa
tions 

Aabenraa Fjord 32.1 2.8 12.3 3 19 8 4 679 
Als Fjord 35.1 1.0 6.5 1 3 6 1 151 
Augustenborg Fjord 15.0 1.3 3.9 1 6 6 2 230 
Dybsø Fjord 17 0.6 2.0 1 5 3 4 63 
Ebeltoft Vig 85.4 5.8 7.7 1 5 2 2 71 
Endelave 61.8 3.5 6.9 1 4 4 2 64 
Fakse Bugt 673.1 4.3 9.6 1 7 1 2 35 
Flensborg Fjord 281.8 0.7 9.5 2 15 8 2 748 
Genner Bugt 4.4 1.7 5.4 1 3 5 1 84 
Guldborg Sund 81.7 4.9 8.0 1 1 4 2 21 
Haderslev Fjord 2.6 0.8 5.5 1 4 5 2 66 
Helnæs Bugt 66.2 3.3 5.6 1 1 5 2 39 
Hevring Bugt 544.4 0.8 5.2 1 7 4 3 93 
Hjelm Bugt 249.1 7.3 8.6 1 3 2 2 4 
Holbæk Fjord 14.1 2.5 4.7 1 3 5 5 58 
Horsens Fjord 78.2 0.5 5.7 3 13 7 4 172 
Inder bredning 62.2 2.0 6.7 1 5 6 6 77 
Kalundborg Fjord 55.4 1.6 8.5 2 11 6 4 140 
Karrebæk Fjord 16.0 2.5 9.5 1 5 5 4 88 
Kattegat N 645.1 2.2 6.2 1 2 3 1 36 
Knebel Vig 7.4 2.0 5.0 1 3 1 1 25 
Kolding Fjord 8.9 0.6 4.8 2 9 7 5 95 
Korsør Nor 7.8 2.0 2.2 1 1 1 1 4 
Køge Bugt 364.2 5.1 8.8 1 6 7 4 185 
Lammefjord 20.6 1.6 1.7 1 1 1 1 2 
Langerak 33.9 1.1 3.2 1 4 9 5 140 
Lillebælt Nord 109.7 0.7 7.0 1 5 5 3 54 
Lillebælt Syd 187.6 0.2 12.5 1 4 8 2 156 
Limfjorden 1517.0 0.6 3.8 3 24 9 9 920 
Lovns Bredning & 
Skive Fjord 

105.0  0.5 3.8 1 7 8 7 293 

Mariager Fjord 45.6 0.5 2.7 2 10 5 3 125 
Nakkebølle Fjord 6.7 3.6 6.7 1 1 2 1 20 
Nibe Gjøl Bredning 135.7 0.3 3.4 1 9 8 5 396 
Nissum Bredning 239.0 1.0 3.6 1 2 6 7 79 
Nissum Fjord 64.3 1.3 1.4 1 1 1 1 7 
Nivå Bugt 51.7 4.6 9.1 1 7 5 4 113 
Odense Fjord 61.8 1.2 6.6 3 17 3 2 251 
Præstø Fjord 22.0 3.4 5.6 1 6 5 4 98 
Ringkøbing Fjord 283.4 0.9 1.5 1 3 8 4 85 
Roskilde Fjord 124.8 0.2 8.7 2 19 6 6 265 
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Sejerø Bugt 755.8 1.3 9.0 1 9 7 4 149 
Smålands farvandet 1559.1 5.1 8.0 1 8 5 4 108 
Storebælt 4522.2 6.0 6.1 1 1 1 1 4 
Sydfynske Øhav 468.4 2.0 7.5 1 16 7 1 186 
Tempelkrog 3.6 1.2 4.2 1 2 6 5 35 
Vejle Fjord 107.8 0.8 5.6 2 13 8 6 242 
Øresund 1356.5 3.4 9.4 1 11 7 4 331 
Yderbredning 253.3 4.4 9.8 1 9 7 7 149 
Århus Bugt 315.9 2.3 7.6 3 10 5 6 301 
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Table 2  

Variance parameter estimates ± SE, p-values nad  number of observations (n) for the random effects 

in the model on the full data set.   

Variance 

component 

Parameter  Combined model Area-specific values 

   Estimate p-value N Min. Mean Max. 

Year σ2
α αi 0.212  0.031 53 0.028 0.374 1.775 

Diver σ2
β βj 0.165  0.009 37 0.101 0.501 1.508 

Transect σ2
γ  γl   0.769  <0.0001 52 0.044 0.672 2.049 

Replicate σ2
δ. δl(k) 0.366 <0.0001 58 0.087 0.461 1.053 
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Table 3. 

Model fits for the standard error of the four random components. Range indicated when the sill 

(Threshold value) was reached, which is when the standard error ceased to increase with the 

estimated maximum depth limit. Sill estimated the threshold value for the function. Nugget 

indicated intercept with the y-axis.  We used range=4 and sill=0.5 as start values for the estimation 

procedure.  

Parameter estimates Variance 

component 
Function R2 

Range (m) Sill (m) Nugget (m) 

Year Gaussian 0.11 2.73 0.39 0.09 

Diver Spheric 0.23 7.26 0.75 0 

Transect Gaussian 0.13 1.82 0.77 0 

Replicate Spheric 0.21 4.65 0.55 0 
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FIGURE LEGENDS 

Figure 1. A. Water bodies in Denmark where eelgrass depth limits are surveyed. B. Example of 

distribution of Transects in Vejle Fjord. C. The solid line marks the transects and the dotted line 

illustrates the diver zigzag route crossing the max depth limit. 

 

Figure 2. Replicate observations of the depth limit for three transects at each site between 2001 and 

2009. The replicate observations of the depth limit of eelgrass within a transect within a year vary 

considerably. Observation from the three transects in each area are marked with +, -, X. Transects 

were located in Vejle fjord (A), and Aabenraa fjord (B).  

 

Figure 3. The estimates for the uncertainty (SE) contribution of year, diver, transect and replicate on 

maximum depth limit. 

 

Figure 4. The standard error as a function of the estimated maximum depth limit for eelgrass for 

Transect; Diver; Year; and Replicate. Lines show the fitted spherical or Gaussian functions. 

 

Figure 5. Total variance as a function of depth calculated by equation 4. 

 

Figure 6. Minimum variance at different depths for one diver(black), two divers (white) and 3 

divers (hatched) for A) 100 h survey and B) 200 h survey. The variance is calculated by eq 3.  
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